Community measures collected at a single instance or over a short temporal period rarely provide a complete accounting of biological diversity. The gap between such "snapshot" measures of diversity and actual diversity can be especially large in systems that undergo great temporal variation in environmental conditions. To adequately quantify diversity in these temporally varying ecosystems, individual measures of diversity collected throughout the range of environmental variation, i.e., temporal alpha-diversity measures, must be combined to obtain temporal gamma-diversity. Such a time-integrated gamma-diversity measure will be a much closer approximation of a site's true alpha-diversity and provide a measure better comparable to spatial alpha-diversity measures of sites with lower temporal variation for which a single or a few "snapshot" measures may suffice. We used aquatic-macroinvertebrate community-composition data collected over a 24-year period from a complex of 16 prairie-pothole wetlands to explore the rate that taxa accumulate over time at sites with differing degrees of temporal variation. Our results show that the rate of taxa accumulation over time, i.e., the slope of the species-time relationship, is steeper for wetlands with ponds that frequently dry compared to those with more-permanent ponds. Additionally, we found that a logarithmic function better fit species accumulation data for seasonally ponded wetlands whereas a power function better fit accumulations for permanently and semi-permanently ponded wetlands. Thus, interpretations of ecological diversity measures, and conservation decisions that rely on these interpretations, can be biased if temporal variations in community composition are not adequately represented.
Introduction
The diversity of ecological communities has long been studied (Magurran and McGill 2011) and provided the core around which much of Darwin's thinking about the process of natural selection was formed (Darwin 1859) . In more contemporary times, maintenance of biodiversity has been a major force influencing many conservation decisions related to the acquisition, size, and distribution of nature preserves; habitat management; environmental toxification; and climate change (Ehrlich and Pringle 2008) . Whittaker (1960) was the first to distinguish among three types of biological diversity, alpha, beta, and gamma. Whittaker used these diversity types to describe diversity of specific sites (alpha diversity), compositional differences among sites (beta diversity), and total diversity of multiple sites or a landscape (gamma diversity). These same spatial concepts have similarly been applied to temporal changes that occur at a site, with alpha diversity being the diversity of a site at a particular point in time, beta diversity referring to changes in diversity of a site over time, and gamma diversity relating to the total diversity of a site over time (Magurran 2011 ). However, with few exceptions (e.g., Hadly and Maurer 2001; Jacquemyn et al. 2001; Zajac et al. 2013) , diversity is either measured on a spatial scale within a landscape or, much more rarely, on a temporal scale at a specific site through time; and the two concepts are not combined.
Species richness, the number of species in a defined area or community, is a conceptually simple and iconic measure of diversity often synonymous with alpha diversity. However, species richness can be surprisingly difficult to measure despite its apparent simplicity (Magurran and McGill 2011) . One of the aspects that makes the measurement of species richness troublesome is that increased sampling effort, either in space or time, invariably leads to an increase in species-richness estimates (Preston 1960; Gotelli and Colwell 2001) . Of the two "space or time," accounting for the accumulation of species through time usually receives the least attention, likely due to the expense and time-commitment associated with long-term data collection efforts needed to determine species-time relationships (STRs). In a review of all papers published in Biodiversity and Conservation in the a 10-year period (2008) (2009) (2010) (2011) (2012) (2013) (2014) (2015) (2016) (2017) , we found that of 854 papers that included comparisons of species diversity among sites or points-in-time (Online Resource 1), only 18 accounted for the accumulation of species over time, i.e., quantified the STR. However, this lack of consideration of the STR does not negate the importance of including this aspect of species richness in the evaluation, comparison, or conservation of ecological communities, especially for communities that naturally have a high temporal species-accumulation rate, i.e., communities with high temporal beta diversity.
Using long-term, plant-community data from a Kansas prairie, Adler and Lauenroth (2003) showed that the cumulative increase in species richness over time, i.e., the STR, takes the same power-law form as the relationship between species richness and area, i.e., the species-area relationship (SAR). However, while the slope of the SAR has been shown to be similar for a broad range of taxa in many ecosystems (White et al. 2006) , it is not known if the slope of the STR is similarly robust. In fact, Adler and Lauenroth (2003) postulated that the STR slope would be steeper in ecosystems subjected to increasing levels of environmental variability due to species being favored differently under the varied environmental conditions unique to differing points in time.
Wetlands of the Prairie Pothole Region of North America squarely fall into the category of ecosystems influenced by great environmental variability, variability that is driven largely by the region's dynamic climate. In this environmentally dynamic region, wetlands 1 3 are one of the most dynamic of all ecosystem types, varying from a complete absence of ponded water during drought conditions, to flooded during periods of deluge (Winter and Rosenberry 1998) . Additionally, variation among wetlands in terms of their ability to retain ponded water during a given year can add to the overall environmental variability, with the ponds of many wetlands drying after a few weeks or few months following initial ponding, while those of other wetlands retain ponded water throughout the year (Niemuth et al. 2010) . We used aquatic-macroinvertebrate community data collected over a 24-year period from 16 prairie-pothole wetlands to quantify the rate by which taxa accumulate over time (the STR) in these environmentally dynamic ecosystems and to explore how ecological interpretations can be biased if temporal variations are not adequately represented in biological diversity measures. We also calculated the slope of the STR for aquatic-macroinvertebrate communities of these wetlands for comparison with STR slopes representative of other taxa and ecosystems.
Methods

Study area
The 92-ha Cottonwood Lake Study Area (CLSA) is located in south-central North Dakota along the eastern edge of a glacial stagnation moraine known as the Missouri Coteau (Fig. 1) . The CLSA has been the focus of biological, hydrological, and geochemical research (e.g., see Winter 2003) since the U.S. Fish and Wildlife Service purchased the site from private landowners in 1963. In 1992, the last full year of an especially severe drought that persisted from 1988 to July of 1993, quantitative investigations of the aquaticinvertebrate communities inhabiting wetlands within the study area were initiated. The 16 wetlands occurring at the study area consist of seven semi-permanently ponded wetlands (identified as wetlands P1-4, and P6-8) that only lack ponded water during periods of drought, a single permanently ponded wetland (identified as wetland P11), and eight seasonally ponded wetlands (identified as wetlands T2-9) with ponds that dry annually in all but the wettest years. While wetland P11 is classified as a permanently ponded wetland, even this wetland can lack ponded water during years of extreme drought (e.g., 1992). Wetlands P5, P9, and P10 were included in the original numbering system of wetlands in the vicinity of Cottonwood Lake; however, they are located outside the boundaries of the CLSA proper and were not included in long-term, aquatic-invertebrate, sampling efforts. Additionally, we did not consider the area identified as wetland T1 to be a separate wetland because its surface-water pond was joined with the pond of wetland P1 in all years of our 24-year study period, except 1992.
The plant communities of prairie-pothole wetlands tend to occur as bands within the wetland basin. These "vegetation zones" are associated with differences in water depth and permanence along a gradient from the upland surrounding a wetland to the deepest point in a wetland's basin (Stewart and Kantrud 1972) . Semi-permanently ponded wetlands usually have a deep-marsh zone in their center that can either be populated by deep-marsh-emergent or submerged vegetation (Stewart and Kantrud 1971) . When populated by submerged vegetation or when lacking vegetation, this central zone is often referred to as an "openwater" zone. The deep-marsh zone and open-water zones are often surrounded by a band of shallow-marsh vegetation (i.e., the shallow-marsh zone). Wet-meadow vegetation (i.e., the wet-meadow zone) dominates the outermost plant community of most prairie-pothole wetlands. Due to their shallower, and less-permanent ponds, seasonally ponded wetlands typically lack deep-marsh and open-water zones, with plant communities forming into only a shallow-marsh zone that is immediately surrounded by a wet-meadow zone on the upland edge of the wetland (Stewart and Kantrud 1971) . Permanently ponded wetlands are characterized by a large and persistent open-water zone in the central portion of the wetland (Stewart and Kantrud 1971) .
Aquatic-macroinvertebrate sampling
We have sampled the aquatic-macroinvertebrate communities of sixteen CLSA wetlands annually since 1992 using vertically oriented, downward-facing, aquatic-invertebrate, funnel traps (Swanson 1978) . Within a year, sampling is conducted once each month beginning soon after ice-out in April and ending in September before the pond refreezes for the winter. During a monthly sampling event, a total of nine traps are deployed at randomly located points within each of three vegetation zones (shallow-marsh, deep-marsh and openwater) as bisected by three systematically located transects that radiate from the wetland center (one trap per zone per transect). The wet-meadow zone was not sampled because ponded water rarely inundates this outer-most zone to a depth sufficient for the placement of funnel traps. Thus, within each wetland, three samples were collected from each of three vegetation zones each of 6 months, for a maximum of 54 samples per wetland. However, not all wetlands contained all three zones (e.g., seasonal wetlands typically lacked both a deep-marsh and an open-water zone), and samples were not collected in a vegetation zone if water depth in that zone was < 25 cm, resulting in many instances for which the total number of samples collected from a wetland in a year was < the 54-sample maximum.
Following retrieval of a funnel trap from a wetland, the trap contents were sieved through a 0.5-mm stainless-steel screen. All invertebrates and other materials not passing through the 0.5-mm screen were rinsed into a 475-ml, plastic, sample container and ethyl alcohol (80%) was added to the sample as a preservative. Following preservation, samples were taken to a USGS laboratory in Jamestown, ND for processing. Sample processing consisted of transferring a collected and preserved sample into a stainless-steel beaker with a 0.5-mm-mesh screened side. The sample was then rinsed with water to remove the alcohol and any remaining invertebrates or debris that would pass through the 0.5-mm screen. Once rinsed, the sample was transferred to a Pyrex glass tray for sorting of invertebrates from debris. Sorting of samples was conducted over a light box and consisted of meticulously transferring all macroinvertebrates (i.e., invertebrates too large to pass through the 0.5-mm screens used in collection and rinsing of samples) to a Petri dish. All macroinvertebrates were identified to the lowest taxonomic resolution feasible (usually genus, but sometimes family) and enumerated by taxa. Taxa determinations were facilitated through the use of identification keys provided in Thorp and Covich (1991) and Smith (2001) . All data were double entered into Excel spreadsheets, checked for errors, corrected as needed, and archived as an openly available.csv file in ScienceBase at: https ://www.scien cebas e.gov/catal og/item/599d9 555e4 b012c 075b9 64a6.
Data analyses
To explore how total aquatic-macroinvertebrate taxon-richness estimates across all sampled wetlands varied among years, we calculated a Jaccard incidence-based similarity index (C J ; Magurran 1988) for each year-by-year pairwise comparison. We used the formula C J = S ab /(S a + S b − S ab ), where S a is the number of species in year a, S b is the number of species in year b, and S ab is the number of species shared in both years a and b. The number of species in a year was quantified from the CLSA trapping data as the total number of unique taxa summed across all sampling events in a given year. The Jaccard Index can range between zero and one. If the communities in years a and b did not share any taxa, S ab would be zero and thus C J would also = 0. By contrast, if all taxa were shared between years, C J would = 1. Most pairwise comparisons fall between these two extremes.
We next followed procedures similar to Adler and Lauenroth (2003) to determine the STR for each of the 16 CLSA wetlands. We generated STRs for the individual wetlands by calculating the average number of unique taxa occurring in periods of consecutive years, S T , ranging from 1 to 24 years. Thus, over the 24-year record of our aquatic-macroinvertebrate sampling, we had 24 replicates for the period T = 1, 23 replicates for the period T = 2, 22 replicates for the period T = 3, etc., concluding with a single replicate of 1 3 T = 24. We determined STR using the power function S = cT w , where c is an approximation of observed species richness and w is the linearized STR slope on log-transformed axes. Since STRs fit using power-law and logarithmic functions provide different information on how community composition changes over time (White et al. 2006) , we also fit the STR using the logarithmic function S = c + w log T. We plotted resultant taxon-richness means in both log-log (ln S T on ln T) and semi-log (S T on ln T) space for power and logarithmic functions, respectively, and used ordinary least-squares regressions to determine linear relationships. We used a one-tailed t test assuming unequal variances to compare the slopes of the STRs (both power and logarithmic) for seasonally ponded wetlands at the CLSA (CLSA wetlands T3-9) to the STR slopes of the study area's semi-permanently ponded wetlands (CLSA wetlands P1-4, P6-8). Note that we did not include wetland T2 with the seasonally ponded wetlands in our t-test comparisons as wetland T2 has a strong groundwater influence, rarely dries completely, and often has a surface-water connection to wetland P8 (Leibowitz et al. 2016) . Also, we only had a single replicate of a permanently ponded wetland (CLSA wetland P11), so this wetland was also excluded from our t-test comparisons, but both wetlands P11 and T2 are included in our STR plots and function fits.
Results
We identified a total of 159, unique, aquatic-invertebrate taxa occurring in wetlands of the CLSA over our 24-year (1992-2015) study. Aquatic-macroinvertebrate taxon richness in individual wetlands varied greatly across years, ranging from 0 when wetlands failed to pond water during drought years to 64 in semi-permanently ponded wetland P8 in 2007. Taxon richness for seasonally ponded wetlands T2-9 ranged from 0 to 56 with a mean across wetlands and years of 28.8. Taxon richness for the semi-permanently ponded wetlands (wetlands P1-4 and P6-8) was typically greater, ranging from 0 to 64 with a mean across wetlands and years of 36.6. The taxa richness for the single, permanently ponded wetland (wetland P11) ranged from 0 when dry in 1992 to 49 in 1995. It should be noted that the aquatic-invertebrate funnel traps used to sample CLSA wetlands require the active movement of individuals into the trap. Thus, our diversity estimates are biased towards more-active species. However, the vertical and downward-facing orientation of the deployed traps allowed the traps to sample all invertebrates that moved through the water column, including benthic species as they moved to the pond surface during emergence events.
The Jaccard similarity index for all wetlands combined (Table 1) ranged from a low of 0.34 (1992 vs. 2012 ) to a high of 0.84 (1997 vs. 1998) . As expected, C J was consistently higher (i.e., more similar) for aquatic-macroinvertebrate communities in consecutive years than for communities separated by multiple years. However, the range (0.34-0.84) was especially large, given that the taxa richness estimates were for the entire set of wetlands at the CLSA, and not individual wetland basins.
In agreement with Adler and Lauenroth (2003) , we found that the fits of the untransformed STRs (Fig. 2) were highly linear when plotted in log-log space (mean R 2 = 0.985; Fig. 3 ). The slopes of the linearized species-time power function over the 24-year period ranged from 0.227 for wetland P8 to 0.383 for wetland T5 ( Table 2) . As hypothesized, the slope of the linearized power function was significantly greater (t-stat= 2.072; df = 8; P = 0.0360) for seasonally ponded wetlands (mean slope = 0.351, variance = 0.0003) versus semi-permanently ponded wetlands (mean slope = 0.309, variance = 0.0026). While overall, power functions fit Table 1 Jaccard incidence-based similarity index for year-by-year (1992-2015) pairwise comparisons of aquatic-macroinvertebrate taxon richness at the Cottonwood Lake Study Area, Stutsman County, North Dakota 1993 Dakota 1994 Dakota 1995 Dakota 1996 Dakota 1997 Dakota 1998 Dakota 1999 better (mean R 2 = 0.985) than logarithmic functions (mean R 2 = 0.978; Fig. 4 ), for individual wetlands this finding was limited primarily to the semi-permanently and permanently ponded wetlands (Fig. 5) . Logarithmic functions provided better fits for all but one (wetland T9) seasonally ponded wetland. Additionally, species-accumulation data for semi-permanently ponded wetlands P3 and P8 were also better fit by logarithmic functions (Table 2) .
Discussion
While it is a widely known that species accumulate over time, it is surprising how rarely the important influences of these accumulations are incorporated into species richness estimates. This is likely a result of time commitments and costs often associated with long-term, data-collection efforts. However, it is equally surprising how rarely lack of including this important driver of species richness and its influence on richness estimate is acknowledged. Of the 854 Biodiversity and Conservation papers we reviewed (Online Resource 1), only 141 acknowledged potential influences of STRs on diversity measures. Of these 141, over half (73) focused only on the need to sample multiple times across a season to capture seasonal variation in species occurrence but did not discuss the potential influence of species accumulations across greater temporal periods, e.g., years to decades. Our results showing significant differences in species accumulation rates of aquatic-invertebrate communities of seasonally, semi-permanently, and permanently ponded wetlands in the Prairie Pothole Region should spawn concerns related to other ecosystems for which the influence of species accumulations over time have not been adequately considered. Since determining STRs often requires long-term data resources (Tomasovych and Kidwell 2010), the importance of maintaining long-term data-collection efforts and starting new efforts in diverse ecosystems throughout the world cannot be overstated (e.g., Vihervaara et al. 2013) .
The Jaccard indices we calculated for aquatic macroinvertebrate communities of CLSA wetlands show that, while communities between any 2 years are about 70-80% similar, that similarity quickly declines as years of separation increase. This is a good indicator of the importance of sampling across multiple years to adequately represent the true diversity of these wetlands and account for changes in taxa composition in response to natural environmental cycles as opposed to true losses of taxa from a site. Also, we found that the rate of species accumulation at CLSA was greatest in the seasonally ponded wetlands (i.e., the most temporarily varying wetlands). This is significant as these wetlands are often the most vulnerable to loss due to anthropogenic disturbance (Calhoun et al. 2017) , and their underrepresented diversity might contribute to undervaluing of their ecological importance. Likewise, the slope of the STR was lowest in the single permanently ponded wetland (Figs. 2, 3, 4) . Thus, our results support the hypothesis of Adler and Lauenroth (2003) that, as environmental variability increases, species accumulate at a greater rate over time. Additionally, our sampling effort was limited to the aquatic macro-invertebrates that occurred in the ponded water of a wetland. If we increased our effort to include the terrestrial invertebrates that populate wetlands basins when a wetland's pond dries, we would expect the species accumulation rate to be even greater in wetlands that frequently dry, i.e. the seasonally ponded wetlands. Thus, while seasonally ponded wetlands are generally believed to support lowerdiversity invertebrate communities than permanently and semi-permanently ponded wetlands (Euliss et al. 1999 ), a different perspective will likely emerge once temporal accumulations of species are adequately considered.
The average power-function slopes for aquatic-macroinvertebrate communities of the CLSA (0.328) fit well within the range of average species accumulation rates from other taxa and study areas (range = 0.23-0.39) as summarized by White et al. (2006) . White et al. (2006) found that the mean power-function slope for vertebrates, i.e., fish, birds, and mammals, were very similar, ranging from 0.23 to 0.26. For land-plants and algae, average slopes were 0.39 and 0.24, respectively. For the invertebrate taxa they considered (grasshoppers, intertidal invertebrates, corals, and zooplankton), average power-function slopes ranged from 0.23 to 0.37, i.e., almost identical to the 0.22-0.38 range we observed for aquatic-macroinvertebrate communities of the individual freshwater wetlands of the CLSA.
While we found that, in general, power functions provided the best fit for semi-permanently and permanently ponded wetlands, and logarithmic function better fit species accumulations in seasonally ponded wetlands (Fig. 5) , curve fitting does not identify the underlying processes that result in these differing STRs (McGill 2003) . Thus, a deeper understanding of the system is needed to infer processes driving differences in the STRs among communities and ecological significance. For the CLSA, long-term research into the ecological processes driving wetland ecosystems sheds some light on the differences we observed. For seasonal wetlands, a logarithmic function better fits the rapid accumulations of species during the first few years of sampling, a rate that then changes to more closely match that of the semi-permanently and permanently ponded wetlands that do not experience seasonal drying. We only found three exceptions to the pattern that power functions better fit aquaticmacroinvertebrate species accumulations in semi-permanently and permanently ponded wetlands while logarithmic functions better fit accumulations in seasonally ponded wetlands. Only two of the semi-permanently ponded wetlands (wetlands P3 and P8) were best fit by a logarithmic versus a power function. Interestingly, these were the only two semipermanently ponded wetlands studied with an overland spill-point that limits maximum ponded-water depth in the wetland. All other semi-permanent wetlands in the study area had closed basins and did not lose water as spillage. The influence of a spill point in terms of limiting maximum water depth to the basin's spill-point elevation resulted in ponded waters fluctuating very differently in these two wetlands relative to the other semi-permanently ponded wetlands at the site (LaBaugh et al. 2016) . By contrast, wetland T9 was the only seasonally ponded wetland for which a power function provided the best fit. However, during the period of our study, this wetland maintained a ponded-water depth much greater than any of the other seasonally ponded wetlands and did not regularly dry (LaBaugh et al. 2016) . Therefore, during most of the 24-year period of our study, this wetland functioned more similarly to a semi-permanently rather than a seasonally ponded wetland. Thus, by identifying cases that do not fit expected logarithmic or power functions, additional information on ecological and community processes is revealed. Pärtel et al. (2011) defined "dark diversity" as the species that are missing from a site but are present in similar habitats on the larger landscape. We propose that the absence of specific taxa during certain temporal periods in dynamic systems is related to the "dark diversity" concept discussed by (Pärtel et al. 2011) . In a temporal sense, dark diversity could be viewed as being the species that are absent from a site at a particular point in Fig. 5 Average taxa-accumulation rates (i.e., species-time relationships) for 16 wetlands at the Cottonwood Lake Study Area, Stutsman County, North Dakota, 1992-2015, plotted in a semi-log space and b log-log space. Orange line average of seasonally ponded wetlands T3-9, blue lines average of semi-permanently ponded wetlands P1-4 and P6-8, black line value for the single permanently ponded wetland P11 time, but likely to return reappear at the site as environmental conditions fluctuate through time. Thus, just as relating observed diversity and dark diversity facilitate comparisons of ecosystems and communities across differing regions (Pärtel et al. 2011) , comparisons of observed diversity and temporal dark diversity could facilitate comparisons among ecosystems with differing species-accumulation rates. As an example, a seasonally ponded wetland in the Prairie Pothole Region would likely have a large portion of its diversity occurring in the temporal "dark-diversity" pool at any single point in time. Thus, sampling of that wetland would necessarily need to occur over a longer period to obtain a diversity measure comparable to that of a system with a higher proportion of its species pool present and available for observation, i.e., a wetland with a smaller dark-diversity pool. The observed-diversity/temporal-dark-diversity ratio of sites could be used to standardize comparisons among sites with differing environmental variation and is closely related to a site's temporal beta diversity. Identification of a system's temporal dark-diversity also provides an indication of the magnitude of diversity loss that could occur if natural levels of environmental variability were reduced for a site.
Given the importance of species accumulations over time in determining the actual diversity of a site and the fact that more dynamic systems accumulate species at a faster rate than those with lower environmental variation, determination of STRs is needed to provide unbiased comparisons of diversity among systems. This need for a long-term view of biological diversity can be viewed as analogous to how climate for an area is determined from long-term weather data. It is not possible to determine the climate of an area with just a single snapshot of temperature, precipitation, etc. However, in areas with little variation in these factors, a few years of data may suffice in describing that region's climate. However, in most areas of the world, multiple decades (typically 30 years) of data are needed to accurately define a climate (Arguez and Vose 2011) . The biodiversity of an area can be viewed in a similar way. In sites with low temporal variability in communities, i.e., sites with low temporal beta diversity, only a few measures may be needed to get an accurate quantification of temporal gamma diversity of that site. However, in more temporally diverse systems with their resultant high temporal beta diversity, long-term data that allow for the accounting of species accumulations over time are needed to adequately represent temporal gamma diversity. Since in dynamic systems temporal gamma diversity is the best measure of a site's sites true diversity, this measure should be used to represent that site's spatial alpha diversity. Other alpha diversity measures will fall short in accounting for species that form a part of a sites biodiversity but, due to environmental fluctuations, may only exist in a site's temporal dark-diversity pool during specific periods of time.
